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A B S T R A C T
Integrated Biomarkers Response (IBR) index have been developed as a practical and robust tool to assess the
susceptibility to pollutants using multiple biomarker responses. Neonicotinoid insecticides are nowadays one of
the most sold pesticides worldwide. Nevertheless, imidacloprid (IMI) sub-lethal effects such as oxidative stress
(OS) on fishes are scarcely studied. Hence, the aims of this work were: (1) to evaluate exposure- and damage
biomarkers related to OS in the freshwater fish Australoheros facetus exposed to IMI and (2) to apply the IBR
index to achieve a comprehensive understanding of OS in the fish. The results of the present study showed that
all the biomarkers presented different responses in the three monitored tissues: liver, brain and gills. Results for
an initial battery of 19 biomarkers were obtained and for the IBR index only those with significant differences
have been considered. The biomarkers that had the most important weight on the IBR index were SOD activity in
brain and gills, H2O2 concentration in liver, and carbonyl groups concentration in gills in fishes exposed to 100
and 1000 μg L−1 IMI. This index allowed affirming that a short term exposure to environmentally relevant
concentrations of IMI (≥10 μg L−1) produces OS in A. facetus. However, a more deep understanding of some
biomarkers response is necessary to improve the index and for finally apply it in field studies.
1. Introduction
The identification of ecological risks due to exposure of aquatic
organisms to environmental pollutants is a crucial point for environ-
mental managers. Nevertheless, the complexity of direct and indirect
interactions among different ecosystem components in wild populations
makes assessment of the impacts of environmental pollutants on
aquatic species challenging (Santos et al., 2016). In this context, sys-
tematic assessment methods of potential risk of pollutants (i.e., pesti-
cides) could serve as valuable tools in decision making and policy for-
mulation (Kookana et al., 2005).
In the last 30 years the literature showed the use of different para-
meters able to explain effects of pollutants on different organisms (i.e.,
fish) at community or individual levels. To synthesize this information,
different authors have developed a wide variety of indices and metrics
used in biological monitoring (Revenga et al., 2005). In the case of fish
communities, the index of biotic integrity (IBI) was developed in the
1980 decade (Karr, 1981). It is an ecological approach that incorporates
multiple attributes of a fish community into a composite index pre-
dictive of water quality (Eaton and Lydy, 2000), successfully used in
several studies (i.e., Scott and Hall, 1997). Later, Oberdorff et al. (2002)
developed a modification called fish based index (FBI), a biological
indicator which integrate environmental factors acting on fish assem-
blage structure in natural conditions able to distinguish effects of
human-induced disturbances from natural variation.
Beyond these community indices, morphometric indices are used
frequently to estimate fish general health (growth, nutritional state and
energy content) under the assumption that morphometric changes track
to physiological changes (Sutton et al., 2000). These kind of indices,
like body condition indices or condition factors, are common indices in
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pollution effect studies (i.e., Brodeur et al., 2017). More particularly,
histopathological indices (Maggioni et al., 2012) and fish somatic in-
dices that relate the weight of determined tissues (i.e. liver, spleen,
gonads) with the total fish weight are able to show pollutants effects on
fish (i.e., Guyón et al., 2016; Ballesteros et al., 2017). On the other
hand, fish biomarkers are useful tools in several steps of the risk as-
sessment process: effect, exposure and hazard assessment, risk char-
acterization or classification, and monitoring the environmental quality
of aquatic ecosystems (van der Ooost et al., 2003). However, data
provided by this biomarker approach is difficult to interpret without an
integrated overview that globally assesses the potential influence of the
pollutant under study (Bertrand et al., 2016a). Hence, stress indices also
have been developed from this type of parameters. A prominent ex-
ample of them is the Integrated Biomarkers Response (IBR) index,
which constitutes a practical and robust tool to assess the susceptibility
to pollutants using multiple biomarker responses (Beliaeff and Burgeot,
2002; Serafim et al., 2012). Several studies used this index with field
data (Damiens et al., 2007; Cravo et al., 2012; Pain-Devin et al., 2014),
although it was also utilized as a promising tool to integrate and in-
terpret responses measured in organisms exposed in laboratory ex-
periments (Quintaneiro et al., 2015; Bertrand et al., 2016a).
Neonicotinoid insecticides are nowadays one of the most sold pes-
ticides worldwide. These insecticides are applied as seed coating, leaf
spray and soil drenches when used in crops (Bonmatin et al., 2015) and
they act on the central nervous system of insects, interfering with
neural transmission (Gibbons et al., 2015). The neonicotinoid imida-
cloprid (IMI) was first registered in France in 1991 (Sur and Stork,
2003) and after its patent expiration in 2006 products based on IMI
have extended its application to a broader scale of use (Elbert et al.,
2008). Its high water solubility (610mg L−1 at 20 °C) and hydro-
philicity (log Kow=0.57; IUPAC PPDB, 2017), make possible IMI
movement through plant tissues by the sap; protecting crops from roots
to shoots (Fossen, 2006). In addition, these physical- chemical char-
acteristics increase the chances of environmental contamination via
surface- runoff or drainage into areas adjacent to the crops (Botías et al.,
2016). Moreover, when it is applied as a seed coating, more than 80%
of the active ingredient enter to the soil and soil water, and could leach
into aquatic ecosystems (Goulson, 2014). The concentration of IMI in
freshwater ecosystems has been well recorded in different regions of the
world. The range of concentrations goes from ng L−1 (Masiá et al.,
2013) to a reported maximum of 320 μg L−1 (van Dijk et al., 2013).
Toxic acute effects of IMI on aquatic organisms often happen on
aquatic insects or other invertebrates, or at least with concentrations
with several orders of magnitude less than in vertebrates (Morrissey
et al., 2015). Acute toxicity of IMI on fishes has been established in the
order of LC50 200mg L−1 for model species (Tišler et al., 2009; Fossen,
2006). Nevertheless, IMI sublethal effects such as oxidative stress (OS)
on fishes are scarcely studied. Traditionally, biomarkers of exposure
(antioxidant enzymes) as well as biomarkers of damage (oxidation
products) are evaluated for studying OS without an integration tool for
these responses.
Hence, the aims of this study were: (1) to evaluate exposure- and
damage- biomarkers related to OS in the Southamerican fish
Australoheros facetus exposed to IMI and (2) to apply the IBR index to
Table 1
Oxidative stress biomarkers response in different tissues of Australoheros facetus exposed to imidacloprid. Catalase, glutathione S- transferases and glutathione
reductase activities are expressed as nkat mg−1 protein. SOD activity expressed as U mg−1 protein. H2O2 and TBARS concentration are expressed as nmol mg−1 fresh
weight tissue, and carbonyl groups as μmol mg−1 protein. Data are expressed as the average ± standard deviation (SD). Different letters show significant differences
among treatments (p < 0.05).
Biomarker [IMI] (µg L−1) Tissue Tissue Difference
Liver Gills Brain
CAT 0 2575 ± 471 a 427.49 ± 68.09 a YES
1 2767 ± 640 a 488.42 ± 197.51 a
10 2628 ± 547 a 362.07 ± 101.88 a
100 2602 ± 936 a 372.76 ± 42.07 a
1000 2723 ± 804 a 250.77 ± 26.31 a
SOD 0 4204 ± 384 a 3034 ± 307 a 4156 ± 470 a YES
1 4199 ± 710 a 2769 ± 349 a 4049 ± 610 a
10 4129 ± 191 a 1161 ± 45 b 3702 ± 304 ab
100 3870 ± 458 a 1077 ± 151 b 3492 ± 379 b
1000 3296 ± 381 b 739 ± 60 c 2968 ± 264 c
GST 0 14.75 ± 3.87 a 5.98 ± 1.13 a 2.10 ± 0.63 a YES
1 12.99 ± 1.61 a 6.83 ± 1.70 a 2.10 ± 0.49 a
10 13.22 ± 2.50 a 5.59 ± 0.94 a 2.27 ± 0.48 a
100 13.43 ± 4.34 a 6.72 ± 1.47 a 1.91 ± 0.66 a
1000 14.24 ± 3.03 a 7.15 ± 2.41 a 1.57 ± 0.67 a
GR 0 0.37 ± 0.05 a 2.56 ± 0.63 a YES
1 0.34 ± 0.21 a 2.78 ± 0.51 a
10 0.22 ± 0.04 a 2.41 ± 0.37 a
100 0.30 ± 0.09 a 2.97 ± 0.22 a
1000 0.38 ± 0.10 a 2.46 ± 0.42 a
H2O2 0 1.15 ± 0.05 a 0.72 ± 0.01 a 0.83 ± 0.03 a YES
1 1.01 ± 0.06 b 0.72 ± 0.02 a 0.79 ± 0.01 b
10 1.00 ± 0.02 b 0.72 ± 0.01 a 0.81 ± 0.02 ab
100 2.39 ± 0.07 c 0.73 ± 0.01 a 0.81 ± 0.02 b
1000 3.42 ± 0.12 d 0.73 ± 0.01 a 0.80 ± 0.01 b
TBARS 0 0.05 ± 0.01 a 0.06 ± 0.02 a 0.06 ± 0.00 a YES
1 0.05 ± 0.01 a 0.07 ± 0.02 a 0.06 ± 0.01 a
10 0.05 ± 0.02 a 0.07 ± 0.02 a 0.07 ± 0.02 a
100 0.07 ± 0.03 a 0.10 ± 0.02 a 0.05 ± 0.02 a
1000 0.06 ± 0.02 a 0.07 ± 0.02 a 0.10 ± 0.01 a
CG 0 0.014 ± 0.002 a 0.015 ± 0.004 a 0.014 ± 0.005 a YES
1 0.012 ± 0.005 a 0.011 ± 0.004 a 0.016 ± 0.004 a
10 0.013 ± 0.005 a 0.014 ± 0.004 a 0.015 ± 0.006 a
100 0.009 ± 0.002 b 0.011 ± 0.004 a 0.016 ± 0.004 a
1000 0.012 ± 0.002 a 0.009 ± 0.003 b 0.014 ± 0.005 a
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achieve a comprehensive understanding of OS in the fish.
2. Material and methods
2.1. Reagents and animals
Imidacloprid (N-{1-[(6-chloro-3-pyridyl) methyl]-4,5-dihy-
droimidazol-2-yl} nitramide) analytical standard (CAS No. 138261-41-
3) and all reagents for biochemical biomarkers assays were obtained
from Sigma-Aldrich.
Juvenile specimens of the cichlid fish Australoheros facetus were
obtained from natural reservoirs located in the south-east region of
Buenos Aires Province. Fishes were acclimatized for two months to
laboratory condition in 140 L tanks (12 h: 12 h, light: dark photo-
period) to allow organisms to grow and to reach the assay size (block 1:
7.07 ± 0.35 cm; block 2: 6.78 ± 0.44 cm) and weight (block 1:
7.26 ± 1.36 g; block 2: 6.61 ± 1.53 g).
2.2. Exposure conditions
One bioassay was performed in two blocks because of the tissue
amount necessary for determinations: the first for enzymes activity and
H2O2 concentrations quantification, and the second one for lipid and
protein oxidation. Six fish per treatment were exposed to 0 (negative
control), 1, 10, 100 and 1000 μg L−1 IMI for a period of 48 h.
Imidacloprid solutions were prepared by dissolution of IMI active in-
gredient in MilliQ water, and the solution were carried to the final
concentration in tap water (pH 8.5, 15 ± 1 °C water temperature).
Exposures were carried out in static conditions, since previous experi-
ments demonstrated that IMI has water stability at least until 48 h ex-
posure (Iturburu et al., 2017). Fish were not feed during the exposure
period to avoid any interference in the compound absorption. Negative
control fish suffered the same handling than IMI exposed fish. After
exposure fish were euthanized, and liver, gills and brain were with-
drawn, frozen and stored at −80 °C until be processed.
2.3. Biochemical biomarkers
All biomarkers described below were measured in liver, gills and
brain from six fish per treatment. Tissue extractions for enzymatic ac-
tivities and hydrogen peroxide (H2O2) concentration were carried out
according to Wiegand et al. (2000) with modifications proposed by
Cazenave et al. (2006). All biomarkers were determined in duplicate by
spectrophotometry, using a Shimadtzu UV-210A (DOBLE-BEAM).
2.3.1. Enzymatic activity measurements
The activity of the soluble (cytosolic) glutathione S- transferases
(GST) was determined using 1- chloro-2,4-dinitrobenzene (CDNB) as
substrate, according to Habig et al. (1974). Glutathione reductase (GR)
activity was measured according to Tanaka et al. (1994), quantifying
the reduction of NADPH. Catalase (CAT) activity was assayed according
with Claiborne (1985), measuring the decrease of H2O2 concentration.
Superoxide dismutase (SOD) activity was assayed by the inhibition of
nitro blue tetrazolium (NBT) reduction (Scebba et al., 1998). Activities
of CAT, GST and GR were expressed as nkat mg−1 protein. SOD activity
expressed as U mg−1 protein.
2.3.2. Hydrogen peroxide
The H2O2 concentrations were measured by the FOX1 assay fol-
lowing Bellincampi et al. (2000). The method is based on the peroxide-
mediated oxidation of Fe2+, followed by the reaction of Fe3+ with
xylenol orange. Results were expressed in nmol mg−1 fresh weight
tissue.
2.3.3. Lipid peroxidation
Lipid peroxidation was assayed by measuring the formation of
thiobarbituric acid reactive substances (TBARS) following the metho-
dology proposed by Oakes & Van Der Kraak (2003). As 99% of TBARS is
malondialdehyde (MDA, Aydin, 2011), TBARS concentration of the
samples was calculated by using the extinction coefficient of MDA,
which is 1.56× 105M cm−1. Results were expressed in nmol mg−1
fresh weight tissue.
2.3.4. Determination of carbonyl groups in proteins
Protein oxidation was assayed quantifying carbonyl groups (CG)
formation according to Caballero et al. (2011). The method is based in
the quantification of the incorporation of dinitrophenylhydrazine, using
an average absorption of 21mM cm−1 for aliphatic hydrazones for the
calculation. Results were expressed in μmol mg−1 protein.
2.3.5. Protein concentration
The total protein concentration was determined both for enzymatic
activities/ H2O2 extracts and for CG extracts. For each sample, proteins
were quantified by spectrophotometry according to Bradford (1976),
using bovine serum albumin solution as standard.
2.4. Data analysis
2.4.1. Integrated biomarker response
One general stress index, termed “Integrated Biomarker Response”,
was calculated with biomarkers measured in Australoheros facetus.
Results for an initial battery of 19 biomarkers were obtained to assess
short term responses of exposed organisms. Only biomarkers with
Fig. 1. A: Radar graph for the calculated Integrated Biomarker Response (IBR)
index for Australoheros facetus exposed to different concentrations (µg L−1) of
imidacloprid (IMI) during 48 h. The spokes of the radar indicate the IBR index
mean values for each treatment. B: Median, mean, standard deviation (SD),
minimal and maximal values for each treatment. Different letters indicate dif-
ferences among treatments, analysed by non parametric pairwise comparisons
following a Kruskal-Wallis Test (p < 0.05).
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significant differences between treatments have been considered and
we excluded variables with strong correlation to keep non-redundant
biological responses. In our case of study, the biomarkers used were:
both carbonyl groups and H2O2 concentrations in liver and brain; and
SOD activity in brain and gills.
The IBR index was performed in accordance to Bertrand et al.
(2016a) using R Studio. Briefly, the mean value (Xi), the general mean
(mi) and standard deviation (SDi) for each biomarker at each exposure
condition were calculated. The value Xi was then standardized to obtain
Yi, where Yi= (Xi – mi)/SDi. Subsequently, Zi=−Yi or Zi=Yi were
computed in the case of a biological effect corresponding, respectively
to inhibition or activation. The minimum value (mini) of Zi for each
biomarker was obtained for each exposure condition. Finally, the score
S was calculated as Si= Zi+ |mini|, where |mini| is the absolute value.
These S values thus represent the gradient of values for each biomarker
in the different exposure conditions, with highest values corresponding
to the highest biological effects. The integrated biomarker response for
each condition was calculated via the following formula:








in which the obtained score for each biomarker (Si) is multiplied with
Fig. 2. Weight (standardized value, S) of considered biomarkers used to calculate the Integrated Biomarker Response (IBR) index for Australoheros facetus exposed
during 48 h to different treatments: 0 (Control), 1, 10, 100 and 1000 μg L−1 of imidacloprid (IMI). The spokes of the radar indicate the S value for each treatment.
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the score of the next biomarker (Si+1), arranged as a set, dividing each
calculation by 2 and adding-up of all values.
Several IBR indices were calculated from the same data changing
the order of the biomarkers and using the median of all the index values
as the final index value (Devin et al., 2014).
2.4.2. Statistical treatment
Generalized Linear Mixed Model was used for the statistical ana-
lysis. Models were fitted, normality and variance homogeneity were
tested, and variance function was applied when necessary. An a pos-
teriori test (LSD Fisher with the corresponding Bonferroni errors cor-
rection) was used to determine significant differences between the
means of control and other treatments (p < 0.05). R Studio (Version
0.99.903) and Infostat (Version 2013p, Di Rienzo et al., 2013) were
used for all statistical analyzes. A Kruskall Wallis test was carried out to
identify IBR difference between treatments.
3. Results and discussion
3.1. Biomarkers responses
The effects associated to a possible OS process caused by IMI have
been studied more deeply in terrestrial (i.e., Kapoor et al., 2011; El-
Gendy et al., 2010) than in aquatic animals. All the studied biomarkers
in A. facetus exposed to IMI showed different responses in the three
monitored tissues (Table 1). This tissue- specific responses have been
reported for OS related biomarkers in other fish exposed to physical
(i.e. high temperature, Madeira et al., 2016) or chemical stress (Oruç
and Usta, 2007).
The H2O2 concentration increased in liver when fishes were exposed
from 100 to 1000 μg L−1 IMI, while these concentrations decreased in
brain at the same or even lower IMI concentrations (p < 0.05,
Table 1). Nevertheless, H2O2 concentration did not change in gills at
any IMI concentration (p > 0.05, Table 1). The activity of SOD de-
creased in liver of A. facetus when exposed to 1000 μg L−1, in gills when
the fishes were exposed from 10 to 1000 μg L−1 and in brain at 100 and
1000 μg L−1 IMI (p < 0.05, Table 1).
This kind of response in liver (decrease of SOD activity and increase
of H2O2 concentration) has been previously reported in A. facetus when
exposed to the organochlorine pesticide endosulfan (Crupkin et al.,
2013). The observed decrease in liver SOD activity may be explained by
a negative feedback related with the high concentrations of H2O2 in this
tissue (Sandalio et al., 2001). Other possible processes could be in-
volved, like a decrease of de novo synthesis of enzyme proteins (Mishra
et al., 2006) including SOD molecules; or oxidative damage in the ac-
tive site of the enzyme protein (Hodgson & Fridovich, 1975; Pigeolet
et al., 1990). Regarding brain, and taking into account that SOD activity
could produce H2O2 by the dismutation of superoxide radical (McCord
and Fridovich, 1969), the decrease of SOD activity in this tissue could
explain the decrease of H2O2 concentration in this tissue. Although
H2O2 concentration did not change in gills of fish exposed to IMI, other
ROS species could elicit a decrease of SOD activity in this tissue by
oxidative damage to the active site of the enzyme as described above.
Catalase activity did not show significant changes in any of the
studied tissues (p > 0.05, Table 1). Although it has been reported that
CAT could be a more sensitive biomarker than SOD in teleost fish
(Vutukuru et al., 2006), our results showed that SOD was the most
sensitive enzyme when fish was exposed to different concentrations of
IMI.
Enzymatic activities of GST and GR did not show significant dif-
ferences when fishes were exposed to tested IMI concentrations
(p > 0.05, Table 1). Although Casida (2011) has described that glu-
tathione could be involved in phase II IMI metabolism in mice and
spinach, fish metabolism of IMI is not already enough studied. Indeed,
the lack of change in the enzymatic activities of GST and GR seems to
show that glutathione conjugation was not a detoxification pathway for
IMI in fish. Similarly to A. facetus, in the water flea Daphnia magna
exposed 48 h from 10 to 40mg L−1 IMI, the authors did not find any
change in enzymatic activities of GST and CAT (Tišler et al., 2009). In
A. facetus, despite the increase in H2O2 levels the enzymes analyzed did
not increased their activities as protective systems. This could be due to
non-enzymatic antioxidant mechanisms able to neutralize ROS com-
pounds and not measured in the present study.
On the other hand, it has been described that GST activity could
conjugate glutathione to inactivate highly reactive aldehydes produced
from lipid peroxyl radicals (West and Marnett, 2006). In A. facetus
exposed to IMI during 48 h this type of aldehydes did not seem to be
produced, as shown by TBARS content in tissues monitored, which did
not show differences respect to the control (p > 0.05, Table 1).
Otherwise, there was a decrease of carbonyl groups in liver and gills at
high IMI concentrations (100 and 1000 μg L−1, respectively; p < 0.05,
Table 1). We hypothesize that this decrease could be indicating a pos-
sible protein replacement because of an OS process. While total protein
concentration was not affected with IMI treatments in any of the stu-
died tissues (data not shown), protein turnover could be taking place,
with a replacement of oxidized proteins with de novo synthesized ones.
Dondero et al. (2010) found that the most evident molecular effect of
IMI exposure on the marine mussel Mytilus galloprovincialis was that
related to the increased of mRNA levels of 14 genes involved in protein
translation. On the other hand, there was a record of protein levels
increase by exposure to the neonicotinoid insecticide thiamethoxam in
liver of the fish Oreochromis niloticus (Nath et al., 2012). Lipid perox-
idation was detected in the amphipod crustacean Gammarus fossarum
exposed to 102.2 μg L−1 IMI during 24 h, while an increase of CAT and
GST activities occurred at higher IMI concentrations (Malev et al.,
2012). Therefore, species sensitivity deserves a more deep attention.
Regarding oxidative stress in fish exposed to IMI, in zebrafish (Danio
rerio) SOD and GST increased its activities after 7 days exposure, but
these activities decreased to a clear inhibition when the exposure time
reached 28 days (Ge et al., 2015). Catalase activity only increased at
7 days, and ROS levels were increased at 1.25 and 5mg L−1 IMI, to all
evaluated times. Besides, these high IMI concentrations increased the
MDA content after 21 days of exposure, as well as the DNA damage of
time- and concentration- response (Ge et al., 2015).
3.2. Integrated biomarker response
As we can observe in the previous section, biomarkers responses not
always are clear and easy to interpret because of their different pat-
terns. Moreover, different responses in closely related species are
common. Although the IBR index is a general stress index, in the pre-
sent study a battery of biomarkers related to OS were chosen in order to
explore if this process occurs in fishes exposed to IMI. Therefore, the
IBR index was calculated using selected biomarkers in a way of in-
tegrating responses and facilitate their interpretation. The obtained
values of IBR are shown in Fig. 1.
A significant increase of IBR values were observed from 10 μg L−1
IMI to the higher exposure concentrations, being significantly different
from the control. According to these results, A. facetus exposed to
concentrations of 10–1000 μg L−1 IMI during 48 h suffered increased
levels of stress respect to control organisms. Besides, the results show
the capacity of tested organisms to respond to environmentally relevant
concentrations of IMI, supporting the usefulness of A. facetus as bioin-
dicator of IMI pollution, at least for the range of
concentrations≥ 10 μg L−1 IMI. Taking into account standardized
value (S) it is possible to identify which biomarkers had the most im-
portant weight on the final IBR values (Fig. 2) for tested conditions.
Among the six selected biomarkers, SOD activity in brain and gills,
H2O2 concentration in liver, and carbonyl groups concentration in gills
were the most responsive biomarkers at the higher exposure con-
centrations (100 and 1000 μg L−1 IMI).
Despite the fact that in the last years there was an increase of the use
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of IBR indices both in plant and animals in laboratory experiments
(Bertrand et al., 2016b, 2017) or field studies (Santos et al., 2016), few
of them are applied for defining processes or modes of toxicity. For
example, for mussels IBR indices were developed for inmunotoxical
(Auffret et al., 2006) and lysosomal biomarkers (Izagirre and
Marigomez, 2009) to evaluate contaminated sites. In the present study
IBR indices allowed us to define OS caused by imidacloprid, an effect
suspected but not well characterized in fishes exposed to IMI.
4. Conclusions
The present study used an IBR index to evaluate OS levels suffered
by A. facetus exposed to IMI from a multi-tissue perspective. The in-
tegrative analysis of the present results allows us to affirm that a short
term exposure to environmentally relevant concentrations of IMI
(≥10 μg L−1) produces significant OS levels in A. facetus. In particular,
biomarkers associated with oxidative stress, including SOD activity,
H2O2 and carbonyl group concentrations, revealed to be those bio-
chemical responses with higher weight in exposed organism. At last, a
more deep understanding of some biomarkers response included in this
study as well as to explore new biomarkers is necessary to improve the
index and for finally apply it in field studies.
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